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Literature Review

1.1 Introduction

For decades, different strategies have been implemented to keep roadways safe and free from

ice during winter months. Crystallized, wetted salt compounds (primarily sodium chloride

(NaCl), although trace amounts of calcium and magnesium chloride (CaCl2 and MgCl2) are

also used) are applied to roads before, during and after storm events in order to lower the

freezing point of water, minimizing the formation of ice (Mullaney et al. 2009; Cassanelli

and Robbins, 2013). Once this purpose has been realized, it is too late and impractical to

clean de-icing agents from paved surfaces. Instead, these compounds are transported with

melt water, where they either percolate to aquifers belowground, or run directly into surface

water bodies.

In surface water systems, chloride (Cl– ) is chronically toxic to aquatic life at 230 mg L−1

and acutely toxic at 860 mg L−1 (US EPA, 1986). While long-term investigations of salt-

affected streams and lakes document less than 150 mg L−1 Cl– , (Corsi et al. 2015; Kelly

et al. 2008; Kaushal, 2005) these studies identify gradual, steady increases in surface water

Cl– concentration over the past 30 years. Based on these trends, Corsi and others (2015)

have noted that the chronic aquatic toxicity for Cl– will be exceeded within the century.
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Kaushal and others (2005) indicate a relationship between a stream’s average Cl– and that

watershed’s impervious cover fraction.

Regardless of a watershed’s percent impervious cover (IC), de-icing salt applied to roads

enters local waters by infiltration and as runoff. This presents many environmental prob-

lems. In many urban streams, Cl– concentrations exceed chronic aquatic toxicity during

winter months. During non-salting months (i.e. May through October), Cl– is present at an

increasing rate in baseflow, suggesting that groundwater discharge represents a long-term

source of Cl– to water bodies (Novotny et al. 2009). In groundwater systems, increased salt

facilitates metal and cation mobility (Norrström and Jacks 1998; Bäckström et al 2004).

This enhanced metal solvency in water due to dissolved Cl– can also enhance corrosion of

pipes (WHO 1978). Long-term ingestion of high levels of sodium (Na+) exacerbates hyper-

tension and heart disease, especially in children (WHO 1978). In a study of two neighboring

communities of drinking water with Na+ content of 8 and 108 mg L−1, significantly higher

blood pressure was found in the community of higher Na+, when controlling for 18 other

variables (Calabrese and Tuthill 1978). The overall World Health Organization (WHO)

recommendation for Na+ was to limit concentrations at lowest practicable levels, and to

reduce Na+ intake from other sources in areas where this is not possible. In addition to

this inherent concern, the presence of radium in groundwater is largely controlled by that

water’s salinity (Kraemer and Reid 1984; Sturchio et al. 2001; Wood et al. 2004; Kumar et

al. 2016). As the salinity of a groundwater system increases, gases such as dissolved radon

will more readily partition to the gas phase, where it poses an inhalation hazard.

This literature review will discuss the practice of winter de-icing and the environmental

impacts of this practice. Stormwater management systems will also be introduced as this

study focuses on an area of pervious pavement. Additionally, the formation, transport,

and fate of naturally-occurring radium and radon will be discussed to provide background

information on these salinity-dependent elements.
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1.2 Pervious pavement

One of the leading examples of nonpoint source pollution, urban stormwater runoff di-

minishes water quality in lakes, streams and estuaries (National Research Council, 2008).

Higher streamflow following storms presents flooding and erosion problems; runoff can also

carry fertilizers, oil, salt, heavy metals and other toxicants into waterways, further degrading

aquatic ecosystems. While storms in forested watersheds can generate high streamflow, the

erosion and contamination are not as pronounced due to their characteristically lower runoff

coefficients (Chow et al. 1988). In more developed watersheds, this degradation is known

as ‘urban stream syndrome,’ as urban watersheds are characterized by greater proportions

of runoff than their less-developed counterparts (Walsh et al. 2005). Rural and forested

watersheds tend to generate less surface runoff as a greater amount of precipitation has the

opportunity to percolate through the soil; this subterranean flow path is much slower than

paved surfaces, which directly channel runoff to waterways.

A watershed’s propensity to generate stormwater runoff is commonly predicted by its

percentage of impervious cover (IC), which consists of paved surfaces or highly compacted

soil (Arnold and Gibbons, 1996). As mentioned previously, these surfaces act as conduits

for runoff. In order to address this, these conduits can be circumvented with various green

infrastructure systems. Pervious pavement is one such system; as its name suggests, this

paved surface differs from its traditional counterparts in that precipitation can percolate

through to the soil, reducing peak flows and runoff volume, and increasing lag time during

storms (Dietz 2007; Hood et al. 2007). By implementing low-impact development (LID)

practices such as permeable pavements, bioretention areas (e.g. rain gardens, bioswales),

and green roofs, a watershed can approximate pre-development hydrology, which in turn

benefits the system’s ecological integrity (Prince George’s County 1999; Roseen et al 2012).

As a greater fraction of precipitation is rerouted through subsurface pathways, water reaches

streams and lakes at a gentler pace. This slower discharge reduces destructive peak flows in
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streams by up to 90% (Pagotto et al. 2000; Roseen et al. 2012). Reductions in flow volume

also account for reductions in contaminant loads to streams. Furthermore, stormwater

contaminants such as nutrients, suspended solids, organic compounds, and heavy metals are

often treated in this process as there is greater potential for biodegradation and adsorption

(Table 1; Pitt et al. 1999).

Pitt et al. (1999) reported that nutrients, pesticides, pathogens, heavy metals, and organic

compounds common in stormwater all have low or low to moderate potential to contaminate

groundwater following surface infiltration, suggesting that infiltration systems can reduce

contaminant loads to streams. Two contaminants were found to have high groundwater

contamination potential: enteroviruses and Cl– salts. Wastewater is the primary source of

viruses, the survival of which depends on the pH and ionic content of the solution (Pitt et

al. 1999). As discussed in the previous section, Cl– is a conservative contaminant, and is

not easily purged from groundwater. Borst and Brown (2014) observed detectable levels of

Cl– below permeable pavement surfaces throughout all seasons, although no exceedances

of the EPA drinking water guideline (250 mg L−1 Cl– ) were observed between April and

December (i.e. non-salting months). These year-long Cl– detections were attributed to

salt sequestered in and below the pavement, and highlight the persistence of salt in the

subsurface. Roseen et al. (2012) found that a de-icer application rate 25% of that used for

conventional paved surfaces resulted in no difference in snow or ice cover on a permeable

asphalt when compared with higher rates (50% and 100% of conventional)

Permeable asphalt (PA) is a permeable pavement technology1 that owes its pervious

nature to the omittance of fine particles from the pavement’s aggregate mixture. This 5-10

cm layer is underlain by a stabilizing ‘choker course’ layer, consisting of 5-10 cm of crushed

1Other examples include permeable concrete and permeable interlocking concrete pavers
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Figure 1.1: Cross section diagram of typical permeable pavement, showing upper infiltration
layers and infiltrate reservoir. Native soil underlies this sub-base layer.

Table 1: Stormwater contaminant removal from stormwater infiltration practices (Pitt et al. 1999).

Stormwater Groundwater Abundance in Groundwater contamination
contaminant mobility urban potential following surface

stormwater infiltration

Nutrients Mobile Low/moderate Low/moderate
(NO3

– , PO4
2– )

Pesticides Mobile Low Low

Organic compounds Low/moderate Common Low/moderate

Pathogens Varies based on species’
oxygen tolerance, nutri-
ent availability

Common Low (high potential for enterovirus)

Heavy Metals Variable (sensitive to Common Low
(Ni, Cr, Pb, Zn) redox, pH)

Salt (Cl– ) Mobile (conservative) Seasonally high High

gravel. A highly permeable layer of crushed stone underlies the asphalt and choker layers;

this 50-100cm thick layer serves as a reservoir for infiltrate, as the native soil may have

a slower infiltration capacity than the PA. Perforated PVC drain pipes are often installed

to divert excess stormwater to nearby stormwater systems (Figure 1.1). Geotextile fabrics

have been used to prevent migration of variably-sized soil and rock, however they can clog

with sediment, reducing the overall efficacy of the PA (Boving et al. 2008; Roseen et al.

2012).
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1.3 Winter de-icing

In winter months, the temperature of roads and sidewalks can fluctuate above and below the

freezing point of pure water (0◦C). De-icing agents are applied to the surfaces of roads and

sidewalks to depress the freezing point of water. Any dissolved constituent will lower the

freezing point of water, but Cl– salts are used because of the cost and logistical convenience.

In addition to the state department of transportation (CT DOT), municipalities, private

organizations and individuals apply some variety of de-icing salt. On the state level, NaCl is

the most commonly used de-icing agent, although smaller amounts (typically less than 2%

by weight, annually) of CaCl2 and MgCl2 are also used when pavement temperature drops

below 25◦F (-3.9◦C) (Mullaney et al. 2009; Cassanelli and Robbins, 2013; CT DOT 2013).

Municipal and private salting practices vary in magnitude, method, and chemical of choice;

therefore, it is challenging to assess trends at this level.

In the winter of 2006/2007, the CT DOT began pre-treating state roads with liquid salt

brines, composed of 23% NaCl by weight (Mullaney et al. 2009; CT DOT, 2013). This

prophylactic approach, called ‘anti-icing’ allows for a lower NaCl application rate of 35-50

kg NaCl per lane mile, compared to 90 kg

Figure 1.2: Annual road salt use in million
metric tons is represented as black squares.
Road salt use as a percentage of the total na-
tional salt consumption is represented as red
circles. Data compiled from USGS mineral
yearbooks, 1940- present.

solid NaCl per lane mile and prevents the

formation of ice packs. This practice osten-

sibly reduces the need for subsequent appli-

cations. During and after snow events, solid

NaCl is applied as a ‘de-icing agent’ to melt

existing ice and prevent the worsening of icy

conditions. This solid NaCl is often wetted

with water or salt brine prior to application

in order to minimize the bouncing or scat-

tering of salt from pavement surfaces. Both
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anti- and de-icing methods are used during a typical storm, and Angel (2015) observed that

a total of 3 de-icing treatments are typically applied to road surfaces on the UConn, Storrs

campus. Based on these application rates, approximately 300 kg NaCl is deposited per lane

mile during a single storm event. Assuming 13 storm events per year2 , the annual salt load

would equal approximately 4 tons per lane mile. However, estimates from highway officials

range from 10-30 tons per lane mile annually (Mullaney et al. 2009), which suggests that

de-icing may occur more frequently on state roads than on the UConn campus.

1.3.1 De-icing trends

The recorded history of salt used for de-icing begins in 1940, when it was first noted in

the USGS mineral yearbook. This history is summarized in Figure 1.2. Since then, the

annual mass of de-icing salt has gradually increased (USGS mineral yearbooks; Cassanelli

and Robbins, 2013). This trend could be attributed to the construction of the US interstate

system and other new roads in the past 75 years. Additionally, the fraction of the nation’s

Figure 1.3: Annual de-icing salt application as
a function of total snowfall, broken up by pre-
and post-implementation of anti-icing. Data
from Mahoney et al. (2015).

salt use applied in highway de-icing prac-

tices has also increased since the beginning

of the practice, suggesting a rise in relative

salt application rates.

The Connecticut Academy of Science and

Engineering recently published an analy-

sis of winter de-icing practices for the CT

department of transportation (Mahoney et

al. 2015). The investigation found that

the seven winters following the implementa-

tion of anti-icing3 experienced 33.5% fewer

weather-related car crashes than the seven

2Average of annual quantity of winter storms in CT from 2000-2016, (Mahoney et al. 2015)
3Anti-icing was first implemented during the 2006/2007 winter season
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previous winters. The authors also acknowledge the relationship between a given season’s

total snowfall and vehicle crashes. The post-2006 period had 18% less average snowfall than

the period before the beginning of anti-icing, indicating that the net reduction in crashes can

be attributed to annual variability in winter precipitation, as well as the change in de-icing

application procedures. The DOT highlights that total snowfall is a simplified representa-

tion of winter storms; they mention that other factors such as subfreezing temperatures,

ice accumulation and refreezing events contribute to the severity of a winter and require

additional Cl– application (CT DOT, 2015). Regardless of the annual snowfall, additional

de-icing salt is used after the shift to the anti-icing practice. In Figure 1.3, a year’s total

salt use is compared with that winter’s severity (i.e. annual total snowfall). The application

of de-icing salt is proportional to annual snowfall, and 50,000-100,000 additional tons of

salt are used annually since the implementation of anti-icing (Mahoney et al. 2015). This

increase is consistent with the trends documented in the USGS mineral yearbooks (Figure

1.2).

1.3.2 Environmental transport and fate of de-icing salt

Lakes and streams have background concentrations of Cl– between 0 and 20 mg L−1, (typi-

cally <5 mg L−1) (Goldman and Horne 1983; Wetzel, 1975; Likens and Buso 2010). Sodium

naturally occurs in freshwater at concentrations of <20 mg L−1 (Hem, 1985). Current find-

ings indicate an upward trend in the salinity of freshwater in regions where de-icing activities

occur such as the Northeastern and Midwestern US (Kaushal et al. 2005; Corsi et al. 2015).

Both of these long-term studies reported that Cl– concentrations largely fell below chronic

aquatic toxicity levels during baseflow conditions. Shorter-term (i.e. less than 1-2 year

study period) research has shown periodic spikes in river Cl– concentration of 2,000-5,000

mg L−1 following runoff events and spring thaws (Meriano et al. 2009; Cooper et al. 2014).

Streams located near major roads have significant risk of Cl– levels in excess of the aquatic

life criteria, especially during winter and spring seasons (Brown et al. 2015)
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Decades of research document that de-icing salt can reach groundwater systems. Dennis

(1973) showed that runoff from improperly covered salt stockpiles can infiltrate to the

groundwater at concentrations of up to 2900 mg L−1 Cl– . Angel (2015) showed that pulses

of infiltrating melt-water can reach 6000 mg L−1 Cl– . Current best management practices

include storing salt reserves under cover, liquid brine applications, and calibrating salt

spreaders to minimize input of Cl– salts to the environment (CT DOT, 2013). However,

elevated4 groundwater Cl– concentrations can be observed as far as 100m from roads due

to normal de-icing applications (Bäckström et al. 2004). After acute pulses of Cl– reach

the water table, freshwater significantly dilutes the salinity (Dietz et al. 2016). Most

groundwater in the glacial aquifers of the northern U.S. is still below the secondary maximum

contaminant level (MCL) of 250 mg L−1 (Mullaney et al. 2009), although Cl– concentrations

in CT have steadily risen over the past century (Cassanelli and Robbins, 2013).

De-icing salt can also impact bedrock wells. An investigation of contaminated wells in

Maine linked elevated Cl– from de-icing to large increases in specific conductance during

springtime thaws and recharge events, when the salts are most prevalent (Schalk and Stasulis

2012). In Connecticut, at least 10 private drinking water wells have been reported with high

concentrations of ionic deicer components; Cl– salt application was determined to be the

cause in at least one case (Mahoney et al. 2015).

In a national investigation of Cl- in shallow groundwater, 2.5% of 1,329 wells had Cl–

above 250 mg L−1, and the highest concentrations were typically found in urban aquifers

(Mullaney et al. 2009). Geologic conditions across this large-scale study are highly variable,

but Cl– has been shown to accumulate in shallow groundwater-sheds in Toronto (Perera et

al. 2013), Minneapolis/St. Paul (Novotny et al. 2009), and Pickering, Ontario (Meriano et

al. 2009).

Once Cl– percolates to an overburden aquifer, the ions will tend move conservatively with

groundwater flow; some Cl– will reach bedrock fractures, and some will be transported to

stream systems as a component of baseflow. Meriano et al. (2009) found baseflow Cl– of

4i.e. greater than 20 mg/L
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greater than 500 mg L−1 in an urban stream in Ontario. This corresponds to similar findings

by Perera et al. (2013), who measured Cl– during baseflow periods in a Toronto stream.

Perera et al. (2013) described the shallow urban aquifer as a dual-porosity formation,

consisting of (a) native overburden media and (b) epikarst,5 or highly permeable, disturbed

units formed during excavations, the construction of utility trenches or other underground

development. Baseflow contributions from the higher permeability portion of the aquifer

reached the stream first with relatively high Cl– concentration (<500 mg L−1 ). During

spring thaws and subsequent rain, freshwater flushes Cl– from this disturbed component of

the aquifer. By late summer, Cl– ions were more homogeneously distributed in the aquifer

and the groundwater Cl– contribution to the stream stabilized at 250-300 mg L−1 (Perera

et al. 2013). In this watershed, consistent Cl– input from groundwater recharge exceeds

the level of chronic aquatic life toxicity criterion.

In lakes, high-density saline water from runoff or groundwater settles at the bottom

depths, forming a Cl– gradient. This chemo- or halocline was of sufficient magnitude to

inhibit vertical mixing in a bay near Rochester, NY (Bubeck et al. 1971). This prolonged

stagnation resulted in a nutrient deficit, however this is the only reported instance of this

phenomenon (Transportation Research Board 1991). A 40-year study of the salinity of a

roadside lake (Mirror Lake, Woodstock NH) identified an increase in outlet Cl– concentra-

tion from less than 1 to 4 mg L−1 (Likens and Buso 2010). While this change in the lake’s

‘solute array’ may not present aquatic toxicity threats or prevent vertical mixing, increased

Cl– export from head-water-bodies could have cumulatively negative impacts downstream.

1.3.3 Ecological impacts

As melting snow and ice infiltrate to soils, salt enters the groundwater in the form of dis-

solved Na+ and Cl– ions. The most immediate effect of this is salt stress: additional aqueous

ions reduce the osmotic water potential, hindering the ability for most plants and microor-

5Originally defined in Garcia-Fresca (2007)
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ganisms to uptake water (Yan et al. 2015). Furthermore these ions can strip micronutrients

such as Ca2+, Mg2+ and NH4
+ from soil particle surfaces by processes such as cation ex-

change and ligand complexation (Norrström 2005). In the same manner, toxic metals such

as As, Pb, Zn and Hg can also be leached from soils (Norrström and Jacks; 1998, Sun et al.

2015). The ecological impacts of these changes will be discussed in this section.

The aquatic life criteria for Cl– was established based on LC50 values for several species

of fish, amphibians, and aquatic invertebrates (USEPA, 1986). Sensitivity to salt is highly

variable among species. Siegel (2007) reported that fathead minnow is a salt-sensitive

species, with a LC50 of 874 mg Cl– L−1. In comparison, the LC50 for brook trout is 30,330

mg Cl– L−1, or nearly double the Cl– concentration of seawater. It is expected that the

more salt-tolerant species will dominate in increasingly saline water bodies, presenting a

threat to biodiversity. For example the survival of spotted salamander larve (Ambystoma

maculatum) is inhibited at moderate specific conductance (500 µS cm−1 (Karraker et al.

2008). A. maculatum is a robust indicator of ecological health; due to its reproductive

frequency, limited home range, and broad geographic distribution, changes in population

size can be attributed to local environmental changes.

Curiously, the EPA’s Quality Criteria for Water (1986) does not mention microorganisms

in its rationale for salinity standards. These organisms are found in nearly all freshwa-

ter systems and are critical to the survival of higher-order organisms across the food web.

The majority of microorganisms cannot tolerate salinity levels above 1-1.5% NaCl (1,000-

1,500 mg L−1) but some have biological methods of adapting to changes in salinity (Larsen,

1986). In order to maintain the necessary ionic balance across their cell membrane, these

halotolerant organisms produce additional organic salts during periods of elevated salinity

(Hagemann, 2011). These bacteria (and cyanobacteria) are encountered in estuarine re-

gions where tides and storms create a variable salinity regime. It follows that under saline

conditions, the composition of microbial communities would shift to favor the halotoler-

ant species. Aquatic salinization could have detrimental implications for nutrient cycling
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(Hopfensberger et al. 2014) and evolutionary impacts for organisms higher in the food web

(Brady 2012).

Plants cannot respond to changes in salinity as effectively; extended exposure to salt

can inhibit water uptake, growth and eventually result in mortality. Dead vegetation is

commonly observed adjacent to roads or sidewalks to which de-icing salt is applied. The

toxicity threshold varies among plant types; wetland vegetation is negatively impacted6 at

300 mg Cl– L−1, woody vegetation is slightly more tolerant (836 mg L−1), and herbaceous

plants are most tolerant (2500 mg L−1) of saline water (Siegel 2007).

1.4 Environmental radionuclides

1.4.1 A note on units

Since M. Becquerel’s and Mme. Curie’s discovery of radiation in the late 19th century, several

units have been developed to describe quantities, concentrations and doses of radiation. For

the purposes of this review, the unit systems commonly used in literature will be discussed.

The SI unit for radioactivity is the Becquerel (Bq), after Henri Becquerel for his discovery

of radiation. This unit represents the activity of a mass of radioactive elements; an activity

of 1 Bq indicates 1 disintegration per second (dps). Radiation analysis is performed by

counting these disintegration events.

A curie (Ci) represents a large amount (3.7×1010) of disintegration events. While non-SI,

this quantity is not arbitrary; it refers to the number of disintegrations that occur during one

second in 1 gram of pure radium-226. However, naturally occurring radioactive material is

rarely concentrated to this extent. Instead, data are typically presented in picocuries (pCi,

Ci×10−12) (Hem, 1985).

The EPA regulations concerning radioactive elements use units of picocuries per liter

(pCi L−1). This unit is analogous to mass concentrations, but more accurately describes

6Lowest observed effect level, LOEL
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the activity of a particular element per unit volume. One pCi L−1 of 226Ra is equivalent

to 27.3 pg of that element per liter of gas or liquid. A similar unit (pCi kg−1) refers to

the activity of a particular element per kilogram solid mass. In uncommon situations of

abnormally high radiation (i.e. a recently-dropped nuclear weapon) the energy of ambient

atmospheric radiation is expressed as coulombs per kilogram.

The abovementioned units are derived from the phenomenon of radioactive decay. In

the context of human health, another system of units is used. The gray (Gy), a SI unit,

is a measure of an absorbed dose of radiation energy per unit mass (J kg−1). The Sievert

(Sv) describes the degree to which an absorbed dose of ionizing radiation (Gy) can induce

carcinogenic cell mutations or genetic damage. For a given tissue in a given organ, greys

and Sieverts are proportional. However as different organs have different propensities for

radiation-induced damage, the Sievert is used to express ‘equivalent dose.’

1.4.2 Radon

Radon (Rn) is a radioactive, noble gas that rises from the earth’s surface to the atmosphere

in trace concentrations. This phenomena, commonly referred to as exhalation, is ubiquitous

across the planet. The most stable naturally occurring isotope of Rn is 222Rn, which has

a half-life of 3.82 days. 218Rn, 219Rn and 220Rn also occur in trace quantities; these isotopes

have half-lives on the order of milliseconds to seconds, and will not be discussed further.

Due to its relatively short half-life, nearly all of the planet’s Rn has been generated

from decay of radium (Ra) isotopes in the uranium decay series. Therefore, Rn can only

be formed near Ra bearing soil grains. Within the molecular structure of the solid grain,

Rn atoms have a diffusion coefficient ranging from 10−31 to 10−69 m2 s−1 (Nazaroff 1992).

Alone, this inhibitive molecular diffusivity would render Rn particles immobile. However

in the formation of Rn, radium releases an alpha particle and an initial energy of 86 keV

(Singh et al. 2011). This is a typical energy value for a radioactive decay process, however

most molecular bond energies are less than 1 keV. It follows that this burst of energy can
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shatter the local crystal structure of soil grains, thereby enhancing the initial mobility of the

daughter nuclide. This nascent burst of energy and the corresponding mobility are termed

‘alpha recoil.’ The recoil range of Rn atoms varies as a function of molecular opposition.

For instance: in quartz, Rn can travel 0.034 µm; in water its range is 0.077 µm; in air Rn

particles moves 53 µm due to alpha recoil (Sakoda et al. 2011). In some cases, these recoil

events enable Rn particles to leave, or ‘emanate’ from soil grains. In other cases, the parent

nuclide is embedded too deep in the grain or the daughter atom recoils into an adjacent

grain; in these situations the newly formed Rn particle is sequestered amid the molecular

structure of the grain.

The ratio of the amount of radon atoms emanated to the total Rn generated per unit

soil mass is known as the emanation coefficient. This quantity theoretically ranges from 0

(all Rn sequestered) to 1 (all Rn emanated) but typically ranges from 0.05-0.70 (Nazaroff

1992) with an average of 0.20 in soil and 0.13 in rock (Sakoda et al. 2011). Perhaps

counterintuitively, soil moisture increases the emanation coefficient of Rn. Nazaroff (1992)

attributes this trend to the fact that average pore dimensions (0.5-50 µm) are typically less

than the recoil range of Rn in air. Therefore, a Rn atom is more likely to terminate its

recoil in a wet pore as the water can absorb the recoil energy more effectively than air.

The Rn particles that successfully emanate from their parent nuclides tend to seek a

gaseous phase. With a dimensionless Henry’s law coefficient7 KH of 0.35, Rn readily parti-

tions from the liquid to gaseous phase. At this point the transport of Rn is governed by the

atmospheric forces responsible for soil gas motion; some of the Rn will remain belowground

for its lifespan, some particles will reach the surface. The phenomena of Rn permeating out

from the ground surface is referred to in the literature as exhalation, or flux. Low levels of

Rn exhalation occur across the globe; estimations of the average terrestrial Rn exhalation

rate range from 0.35-0.57 pCi m−2 s−1 (Wilkening et al. 1972, Hirao et al. 2010). In the

oceans, the average flux density is 0.001 pCi m−2 s−1, however bands of slightly higher flux

(maximum of 0.004 pCi m−2 s−1 ) occur at latitudes of 0◦, 20◦N, and 60◦S (Schery and

7Partition coefficient for Rn in freshwater at 25◦C, liquid to gas ratio
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Huang 2004).

The magnitude of Rn exhalation varies spatially, seasonally, and temporally. The spatial

variation is due to availability of parent atoms in the subsurface; higher flux is observed

in regions of abundant naturally-occurring radioactive material (NORM). For instance, the

greatest Rn exhalation was observed in Australia (0.91 pCi m−2 s−1), and the smallest flux

was observed in northern North America (0.22 pCi m−2 s−1) (Hirao et al. 2010). Other

site-specific factors such as the overburden’s permeability and thickness influence Rn flux.

Greater flux is observed in areas of shallow bedrock and high permeability as the path

between the surface and the source of Rn is shorter and less constricted. Soil moisture

inhibits Rn flux as the diffusivity of a particle is lower in water than it is in air. Frozen

soil will prevent exhalation entirely as gas flow is cut off between the soil vapor and the

atmosphere (Nazaroff 1992). Diffusion will increase with temperature, and the solubility of

Rn in water decreases with temperature. Therefore, Rn exhalation is greatest in warmer

periods of the year. Globally, seasonal variations account for fluctuations of ±10% from

the mean exhalation rate (Hirao et al. 2010) although these variations may be larger or

smaller in regions with more or less seasonality. Variations in atmospheric pressure will

induce advective flow as the soil gas equilibrates with these barometric changes. A greater

pressure gradient induces more flow; alternating periods of high and low pressure facilitate

the exhalation of Rn from the ground. Due to its 3.8 day half-life, the majority of exhaled

Rn originates in the unsaturated soil or shallow water table. Most Rn that forms deeper

below the water table surface remains there for its lifetime due to its low diffusivity in water.

Exhalation represents the primary source of human exposure to Rn. On most of the

earth’s surface, the exhaled Rn presents negligible health risk as it is diluted to negligible

levels in the atmosphere. However this degree of dilution is not possible in buildings; Rn that

diffuses through building foundations can accumulate at harmful levels. Additionally, wells

and plumbing can serve as a conduit between deep-aquifer Rn and human lungs. Ingesting

Rn-bearing water is not of itself a health concern, but due to the volatility of the element
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Rn can diffuse out of faucet streams when turned on, especially in showers or other hot

water streams.

The toxicity of inhaled Rn results from its decay; the daughter elements and the alpha

radiation released in their formation can damage sensitive lung tissue (National Cancer

Institute, 2011). Recent statistics estimate that long-term Rn exposure is the second leading

cause of lung cancer (Robertson et al. 2013, Darby et al. 2001). The EPA and the U.S.

surgeon general recommend remedial action in buildings with gaseous Rn levels above 4 pCi

L−1 (150 Bq m−3) due to the inhalation hazard.

1.4.3 Radium

Radium is formed in the decay of uranium and thorium isotopes, and is present in the

earth’s crust in trace concentrations. The naturally occurring isotopes of radium (Ra) are

226Ra, 228Ra, 223Ra and 224Ra; these have half-lives of 1,600 years, 5.75 years, 11.4 days and

3.6 days respectively. 226 Ra is the sixth product in the decay of 238U, and is the most

abundant isotope. 228Ra and 224Ra are the second and fifth products in the 232Th decay

series. 223Ra is a daughter product in the 235U decay series, and is the least common of all

Ra isotopes.

Ra is most abundant in shale, slate, clay rock and granite formations; the concentration

of Ra in overburden soil is largely dependent on that of the parent rock. Globally, the

Ra content of soil can range from 100-3,400 pCi kg−1; typical deciduous and mixed forest

soils in the US exhibit a narrower range of 500-1,100 pCi kg−1 (IAEA 2014). Areas in

and around radionuclide mining operations can exhibit higher8 Ra activity than typically

encountered. After formation, Ra tends to diffuse out from the rock matrix where it sorbs

to the weathered (i.e. oxidized) surface of fractures. As the diffusion rate of Ra exceeds

its decay rate, a gradient of Ra forms within the matrix, increasing toward the rock/water

interface (Wood et al. 2004). The charge density of these fracture surfaces is such that

8Ra activities of 800,000 pCi kg−1 were measured in soil near a Uranium mine in Tapira, Brazil (IAEA
2014).
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Ra cations are bound very tightly; this is reflected by a very high solid/liquid distribution

coefficient (Tamamura et al. 2014).

The occurrence of Ra in groundwater is dependent on the presence of its parent isotope,

its solubility in the water, and the age and chemical composition of the water. The vari-

ability of these parameters often explains why Ra is rarely in secular equilibrium9 with

parent radionuclides in the liquid phase. Ra can enter the liquid phase due to mineral dis-

solution (especially in sulfate rich aquifers) or desorption. As is typical for most adsorbent

compounds, the liquid/solid partition coefficient (KD , mL g−1 ) for Ra varies greatly with

site-specific parameters such as mineral type, pH and ionic strength. A lab-scale adsorption

experiment (Tamaramua et al. 2014) demonstrated that the KD of Ra on two clay minerals

decreases by 4 orders of magnitude with increasing NaCl concentration. In the aqueous

phase, the predominant species of Ra is the uncomplexed Ra2+ ion, however complexa-

tion will occur in solutions with ionic strength greater than 0.1 M (Langmuir and Riese,

1985). The primary complexes that form are RaSO 4 and RaCl+ ; intuitively, the relative

abundance of either complex depends on that of the respective ligand. However, RaCl+

dominates over RaSO4 at higher TDS values (Sturchio et al. 2009). These findings match

field observations; an investigation of 1,270 drinking water samples across 45 states identi-

fied that Ra most commonly occurred in aquifers with high levels of dissolved, competing

ions (Szabo et al. 2012). Wood and others (2004) demonstrated the capacity for saline

solution to induce ion exchange at fracture surfaces, thereby releasing Ra into groundwater.

In this study, a MgCl2 brine was injected into a bedrock well, then extracted from the rock

formation in a well 13.9m away. A release of both U and Ra to the water correlated with

the plume of brine; this was attributed to the occurrence of ion exchange between Ra and

Mg ions at weathered rock surfaces (Wood et al. 2004).

Ra is a bone-seeking carcinogen; exposure to this element has been shown to cause health

problems such as anemia, cataracts and cancer (ATSDR 1990). The quantity of Ra necessary

9Secular equilibrium refers to a condition in which the quantity of a radionuclide remains constant due
to equal production and decay rates.
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to induce these negative health effects is not well known. The EPA’s maximum contaminant

level (MCL) for Ra is set at 5 pCi L−1 based on estimates of health risk (US EPA 2000).

1.5 Conclusion

As paved surfaces continue to be treated with salt in winter months, continued salinization

of surface and groundwater systems will likely be observed. While the transportation and

safety benefits of the practice are significant, this salinization has many negative ecological

consequences: surface water systems are approaching chronic aquatic toxicity thresholds

for Cl– , the growth of roadside vegetation is stifled due to an increase in soil salinity,

elevated hardness and conductivity are observed in roadside aquifers. This subterranean

consequence presents increased treatment costs (i.e. water softeners) and human health

concerns (larger Na+ loads) for those who depend on groundwater as a drinking water source.

Previous research has documented these trends of salinization in roadside groundwater; this

study seeks to investigate the long-term transport and fate of groundwater salinity further

downhill from the source. Additionally, the occurrence of Ra in naturally saline aquifers

is well documented. The objectives of this research were to (a) investigate the long-term

behavior of Cl– in groundwater surrounding a permeable asphalt parking area and (b) assess

the possibility of a connection between unsafe levels of Ra and anthropogenic salinity in

groundwater. The fulfillment of these objectives will give policy makers and transportation

officials further insight when accounting for costs and benefits of winter de-icing.
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Impacts of de-icing salt contamination of
groundwater in a shallow urban aquifer

2.1 Introduction

A gradual salinization of surface- and ground-water bodies has been observed due to anthro-

pogenic de-icing practices (Kaushal et al. 2005, Cassanelli and Robbins 2013, Perera et al.

2013, Cooper et al. 2014). Winter de-icing refers to the practice of applying salt to paved

surfaces in order to reduce the freezing point of water, thereby preventing the formation of

ice. The chemical composition of de-icing salt may vary between applicators or under differ-

ent temperature conditions, but sodium chloride (NaCl) is typically the principal component

of salt applied by the Connecticut Department of Transportation (CT DOT) (Mahoney et

al. 2015) and the University of Connecticut (UConn) (UConn Landscape Services, personal

communication, 2016). The safety benefits of these practices cannot be overlooked; between

2001 and 2010, 500 fewer winter-season car crashes were observed during the later 5 years, in

which de- and anti-icing and methods were employed (Mahoney et al. 2015). However when

coupled with the concern for the salinization of roadside soil and groundwater, the need for

a robust life-cycle-analysis of the costs and benefits of this practice becomes apparent.

In order to assess the long-term fate and behavior of salt in groundwater, naturally saline
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aquifers were investigated in the literature review. Detections of Radium (Ra) were propor-

tional to salinity in Midwestern and North Carolina aquifers (Sturchio et al. 2001, Vinson

et al. 2009), as well as in a review of 15 principal aquifer systems across the US (Szabo et

al. 2012). Additionally, the volatility of dissolved gases such as radon (Rn) is enhanced in

electrolytic solutions, due to a phenomenon known as salting-out. This increased volatility

(or decreased solubility) of Rn was modeled by Schubert et al. (2012). The possibility that

anthropogenic salinity could increase human exposure to these radioactive, carcinogenic el-

ements has not been investigated. In this thesis, data will be presented that verify this

possibility.

Additionally, the nature of de-icing salt contamination at this site will be re-investigated to

append the analysis presented by Angel (2015). Since this initial site characterization, three

wells have been installed and 15 months have passed. This increased spatial and temporal

resolution allows for further exploration of the potential for de-icing salt contamination in

shallow urban aquifers.

2.2 Methods

2.2.1 Study site

The site investigated in this study encompasses an area of approximately 7,250 m2 (∼1.8

acres) on the University of Connecticut Storrs (UConn) campus in Storrs, CT USA (Figure

1). The site consists of an 860 m2 permeable asphalt parking lot and approximately 325

m of impermeable roads and sidewalks. The overburden soil surrounding the permeable

asphalt consists of highly compacted glacial till and native sandy silt. The site is underlain

by the Hebron Gneiss formation at a depths ranging from 2.1 to 5.2m.

Six overburden monitoring wells were installed at the site to understand changes to its

hydrogeology. Wells DG-1, DG-2 and UG-1 (Figure 2.2) were installed in 2014 to assess
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Figure 2.1: Location of the study area within the Northeastern US (denoted by black star
on left), and location of study site within UConn campus (circled on right).

Figure 2.2: Diagram of the study site,
well locations are labeled and denoted by
black circles. PZ represents a nest of 3
piezometers.

differences in groundwater quality upgradient

(UG) and downgradient (DG) from the porous

asphalt (Angel 2015). Located North of Glen-

brook Rd., the three wells labeled DG-3, DG-4

and PZ were installed in October 2015 to assess

the fate of Cl– as it travels further down along

the hydraulic gradient. The sediment cores were

preserved in jars and their respective coring logs

are included in the appendix. PZ is a set of

3 nested piezometers, each drilled to a discrete

depth. The purpose of this cluster was to as-

sess the vertical flow direction, as well as vertical

variations in chemical constituents. After instal-

lation, each well was purged by low flow sampling

to remove fines from the pre-packed well screens.

The installation of an additional upgradient well

was attempted approximately 50 m south of UG-
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1, however the location was abandoned after drilling through 7.3 m of dry glacial till. A

portion of the core sample from this location was retrieved (2.4-6.1 m below grade) and

archived.

Table 2.1: Monitoring well specifications (distances are approximate).

Well ID Surface Depth Intake Location/description
elevation (m) length
(m AMSL) (m)

UG-1 189.91 5.18 1.52 3m Southeast of the PA

DG-1 188.12 5.18 1.52 1m North of the PA

DG-2 188.18 5.18 1.52 3m Northwest of the PA

DG-3 184.51 2.44 1.52 North of Glenbrook Rd. Easternmost location

DG-4 186.96 3.96 0.91 North of Glenbrook Rd. Westernmost location

PZ-S 2.13 0.91 North of Glenbrook Rd. cluster of 3
PZ-M 184.95 3.05 0.30 piezometers installed to discrete depths
PZ-D 3.96 0.30

WB-1 188.88 6.71 3.05 100m South of PA, not pictured in Figure 2.2

PA: Permeable asphalt

2.2.2 Groundwater quality monitoring

Long-term monitoring for salt contamination of the site began after well installation and

development. Each well was equipped with an Instrumentation Northwest, Inc. (INW)

AquiStar R© CT2X pressure transducer/specific conductance sensor and data logger. Before

installation, the conductance probes were calibrated to a reference solution of 2000 µS/cm.

Pressure transducers were calibrated in the well to manual water level measurements taken

with a Solinst R© water level sounder. The sensors were programmed to record relative water

level, conductance, and temperature on a 10-minute interval. Data records were downloaded

from each sensor on a monthly to bi-weekly basis. In the piezometer nest, a sensor was

installed in the shallowest well (PZ-S) in order to monitor the water quality of the top 4

feet of the water table.

Water samples were collected by low flow sampling on four dates between November 16

and December 18, 2015 in order to quantify the relationship between Cl– and specific con-

ductivity. These samples were added to the existing relationship developed by Angel (2015)
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for this site. Stagnant water was removed from the well casing using a peristaltic pump

at rates under 120 mL/min. Samples were analyzed for Cl– with an ion specific electrode

(ISE) using EPA method 9212 (USEPA, 1991). Additionally, the specific conductance of

each sample was measured using the INW sensor in the well from which it was obtained.

2.2.3 Sampling and analysis

Between 1-3 March, 2016, a groundwater sample was collected from each well by low flow

sampling for analyses of major dissolved cations (Na+ ,Ca2+ ,Mg2+ ), Cl– , and radionuclides

(222Rn, 226Ra, and 228Ra). Samples for each analysis were also taken from Swan Lake and

well WB-1.1 As some of the target analytes are redox-sensitive or volatile, care was taken

to monitor water quality parameters such as dissolved O2 , redox potential and specific

conductance while purging. After these parameters stabilized, 3.79 L of water was collected

for Ra analysis, 500 mL was collected for cation analysis, 250 mL was collected for Cl–

analysis, and a 40 mL volatile organic analysis (VOA) vial was filled for Rn analysis. Metals

were analyzed at the University Center for Environmental Science and Engineering (CESE)

laboratory by ICP-OES using EPA method 200.7 (EPA, 2001). Rn and Ra were analyzed

at the Connecticut Department of Public Health Laboratory using EPA methods 913.0 and

903.0/904.0, respectively.

An additional round of sampling was planned in early September, 2016 in order to assess

the impact of seasonal variability. However at this time the site water table elevation was

too low to collect representative samples, due to the annual variation and recent periods

of drought. Despite pumping at low rates (<10 mL min−1), water samples could not be

extracted without excessive aeration. As Rn is a highly volatile element, this aeration

would introduce substantial error in any Rn analysis. Unfortunately, the salting period

began before the site could rise to a usable water table elevation, at which point assessing

1Not pictured in Figure 2.2, well WB-1 was sampled to obtain a background groundwater quality mea-
surement, more distant from heavy salting areas on the campus. Details pertaining to this well are included
in Table 2.1.
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the degree of seasonal variability was futile.

2.2.4 Equilibrium vapor-phase Rn calculations

The equilibrium vapor-phase Rn concentrations were estimated using the method described

in Schubert et al. (2012). This process uses the Weiss equation (eq. 2.1). . .

lnβ = a1 + a2

(
100

T

)
+ a3ln

(
T

100

)
+ S

b1 + b2

(
T

100

)
+ b3

(
T

100

)2
 (2.1)

. . . where S is the salinity of the aqueous solution (TDS, g L−1), T is the temperature

of the solution (K), a1, a2, a3, b1, b2 and b3 are experimentally determined, element-specific

coefficients derived for Rn in Schubert et al. (2012) and listed in Table 2.2 for reference.

The β term is related to the Henry’s law coefficient KH as . . .

KH = β
T

273.15
(2.2)

These two equations can be used to calculate the KH of a gas based on the temperature

and salinity of the liquid solution.

Table 2.2: Empirical parameters
for Rn application of the Weiss
eqn. derived in Schubert et al.
(2012).

a1 -76.14 b1 -0.2631
a2 120.36 b2 -0.1673
a3 31.26 b3 -0.0270

2.2.5 Soil analysis

In order to assess the nature of salt transport through the soil column, samples from 30cm

sections of two soil cores were analyzed for leachable Cl– according to the procedure de-

scribed by Sonmez et al. (2008) The Cl– content of these samples was determined using an
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ion-specific electrode according to EPA method 9212 (USEPA, 1991).

2.3 Results and discussion

2.3.1 Summary of climatological observations

The study period encompassed two full water years, and five months of a third (Oct. 2015-

Feb. 2017). This period was substantially dryer than the 30-year normal (Table 2.3). During

approximately one third of the study period, the departure was substantially below

Table 2.3 Monthly observed (Obs.) precipitation totals (mm) compared to normal monthly average (1981-
2010) precipitation for Storrs, CT. Precipitation data from the NOAA station located in Storrs, CT Station
ID: USC00068138

Month 30-yr 2015* 2016* 2017*
mean precip. Obs. % Diff. Obs. % Diff. Obs. % Diff.

October 116.8 149.9 28.3 98.0 -16.1 120.1 2.8
November 116.1 107.4 -7.4 47.2 59.3 62.0 -46.6
December 106.9 100.1 -6.4 114.6 7.1 104.6 -2.1
January 96.3 85.3 -11.3 64.0 -33.5 82.6 -14.1
February 84.8 59.9 -29.3 140.5 65.6 43.7 -48.5
March 112.8 78.0 -30.9 68.3 -39.4
April 115.1 101.9 -11.5 91.7 -20.3
May 100.8 16.8 -83.4 77.0 -23.7
June 113.3 197.9 74.7 55.9 -50.7
July 100.1 46.5 -53.6 97.5 -2.5
August 96.8 65.5 -32.3 108.5 12.1
September 103.9 95.8 -7.8 39.6 -61.9

Annual total 1263.7 1104.9 -12.6 1002.8 -20.6 413.0† -20.7†
* Water year, beginning Oct 1 the previous year
† Total YTD

normal.2 The relative lack of precipitation likely contributed to a lower overall water table

elevation at the study site.

The snowfall of water year 2015 was nearly double that of the following winter, with

approximately three times as many storms in 2015 than in winter 2016 (Table 2.4). Despite

this inconsistency in annual winter severity, the hydrologic trend of salinization is more

stable, which will be discussed further in subsequent sections. Angel (2015) calculated a

2i.e. less than the month’s 25th percentile
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salt application rate of 0.077 kg m−2 per NaCl application, and an average of 3 applications

per storm. By these estimates, approximately 5,200 and 1,800 kg NaCl were applied to the

PA during winters 2015 and 2016, respectively. The rate of salt application to sidewalks is

not known, as different equipment is used to treat these narrower paved areas. As discussed

previously, the principal component of de-icing salt is solid NaCl. Rock salt is often treated

with a liquid wetting agent prior to application in order to reduce scattering and clumping.

The composition of this wetting agent may vary between private salt applicators; at this

study site, the wetting agent consists of 60% calcium chloride (CaCl2) and 40% lignin, a

fibrous organic polymer derived from the cell walls of woody plants (Lebo et al. 2001). The

Table 2.4: Summary of monthly snowfall totals (mm precipitation as snow). Data
from the NOAA station located in Storrs, CT Station ID: USC00068138

Month 2015* 2016* 2017*
Obs. N. Storms Obs. N. Storms Obs. N. Storms

November 127 2 0 0 0 0
December 43 1 33 1 203 3
January 658 7 183 2 264 3
February 777 1 368 4 3
March 257 4 122 1
April 25 1 51 1

Season total 1887 26 757 9 467† 8†
* Water year, beginning Oct 1 the previous year
† YTD

wetted form of this product is approximately 50% water, by weight, and 20-25 L is applied

to treat 1 ton of rock salt. This converts to approximately 6-8 kg CaCl2 per ton (907kg)

solid NaCl, or less than 1% CaCl2 by weight.

2.3.2 Soil analysis

After the installation of additional wells in fall 2015, selected samples from the soil cores

were analyzed for leachable Cl– in order to better understand salt transport through the

unsaturated zone. The results of this analysis (Figure 2.3) were found to correlate with

the soil density (i.e. permeability). The sections of higher density occurred between 1-1.5

and 3-4 meters below grade; peaks of Cl– (195 mg kg−1, 80 mg kg−1, respectively) were
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Figure 2.3: (Left) abridged description of soil core with soil color. (Right) down-core plot
of soil Cl- content (mg/kg) from core sample taken at DG-4.

observed in these areas. This suggests that as Cl– is transported downward to the water

table by infiltrating precipitation, it accumulates in and above layers of lower permeability.

That is, the rate of Cl– input to these less permeable layers exceeds the rate at which it

permeates downward. It cannot be concluded that layers are impermeable, as evidence

of salt contamination is found deeper in the soil core. A third soil density gradient was

observed 0.5m below the water table (4.2m below grade), with an accompanying peak Cl–

of 64 mg kg−1 .The general decreasing trend in soil salinity with depth (M L−4), coupled

with an estimate of the vertical infiltration velocity (L T−1), could be used to approximate

a site-specific salinization rate.

It’s also possible that the lower soil salinity below the piezometric surface is due to the

perpetual saturation at this depth. Due to the high solubility of the Cl– ion, a smaller

fraction of the salt is present in the solid phase.
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Figure 2.4: (Left) abridged description of soil core with color. (Right) down-core plot of
soil Cl- content (mg/kg) from core sample taken at the prospective location of well UG-2,
50m south of (upgradient from) well UG-1.

Core samples from the attempted well UG-2 were also analyzed for Cl– in order to quantify

a possible background level of Cl– at this site (Figure 2.4). Soil concentrations of Cl– at this

location are typically below 2 mg kg−1, and all samples had less than 12 mg kg−1. These

measurements correspond with Cl– observations from a Swedish forest soil (below 25 mg

kg−1) (Bastviken et al. 2007). The Cl– content of soils is typically reported in units of kg

ha−1, and reaches a peak in the upper 40 cm of the soil profile due to its role in biological

processes (Öberg 1998). In addition to these organic Cl– sources, atmospheric deposition

from the sea is seen as the primary input of salt to the soil. This phenomenon is manifested

in historical (1894, 1902) Cl– maps of Connecticut (Cassanelli and Robbins 2013), in which

a gradient of groundwater Cl– concentration decreases from 3 to 1 mg L−1 moving inland,

with isochlors3 parallel to the coastline. In soils, the abundance of Cl– (relative to that

3i.e. lines of equal ceCl-
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of organic carbon) is typically an order of magnitude less than that in surface water, and

comparable to the abundance of phosphorus (Asplund and Grimvall 1991).

The relative lack of Cl– at this location within the site is not surprising as there are no

sidewalks or other sources of salinity this far upgradient; the location is near the top of a

small hill. Additional sampling would increase the certainty of this conclusion, but under

the assumption that the UG-2 core is representative of background soil salinity (i.e. not

impacted by de-icing salt) it can be determined that soils with significantly higher Cl– than

this site are impacted by de-icing.
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2.3.3 Site water table elevation

Figure 2.5: Study site on the Univer-
sity of Connecticut campus in Storrs, CT.
The red arrow shows direction of ground-
water flow during dry periods. Con-
tours show the elevation of the water ta-
ble. Black labeled and numbered dots are
shallow wells. PZ is a piezometer cluster.

Water beneath this site tends to flow in a north-

westerly direction (Figure 2.6), from the higher

elevations at the southern end of the site, to

the lower elevations at the north. At this point,

groundwater can discharge to Swan Lake. The

minimum water table elevation (WTE) did not

fall below the elevation of the outflow weir of this

stormwater detention pond (183.2 m).

The water level in well DG-4 (top left of Fig-

ure 2.6) did not rise above the conductivity sen-

sor within the well during the study. Thus, the

water level readings in this well could not be

accurately adjusted to a reference level. The

long-term water level records at this location are

used for assessing changes in relative water level,

but not to make inferences about its relationship

with neighboring wells. Therefore, the contoured water table surface shown in Figure 2.6

was generated using manual water level measurements taken on 3/3/16. The measurement

in DG-4 was taken two hours after the sensor had been removed.

Presentation and discussion of the long-term water level observations will begin at the

furthest up-gradient well (UG-1) then proceed downgradient.
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UG-1

Although monitoring in this location occurred between 10/22/14 and 2/8/2017, accurate

water level data for well UG-1 exist from 10/9/15 to 5/25/16. The sensor may have con-

tinued to record accurate water level measurements after 5/25, but this is the last date at

which the sensor reading corresponded with a manual water level measurement. By the next

measurement (6/20) a discrepancy was observed, which continued to grow for the remainder

of the study. Therefore, the data after 6/20 were not included in this analysis.

The hydraulic conductivity at this location was measured at this location by Angel (2015);

a K of 3.08×10−04 cm s−1 corresponds with the silty sand described in the location’s boring

log.

DG-1

Although monitoring in this location occurred between 10/22/14 and 2/8/2017, water

table elevation records begin 5/1/2015. The peaks on this record correspond with storms

and subsequent infiltration events. In winter months, a lag period was often observed

between a storm and the peak water level; this lag was attributed to the time between

a storm and the following warm period during which melting (and infiltration) occurred.

During the period for which data exist for both DG-1 and UG-1, the water elevation is

always lower at DG-1. This helps confirm the assumption that UG-1 is in fact up-gradient

from all other wells.
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DG-2

A record of the water level exists for this well from September 2014 to October 2016, or

approximately 2 years. Water table elevation reaches a minimum during late summer (184.5

m AMSL), then starts to recover as evapotranspiration decreases in the fall, with a maximum

elevation of approximately 185.5m. Storm events are less prominent here compared to well

DG- 1, indicating a less direct hydraulic connection with the permeable asphalt, and a lower

hydraulic conductivity.

PZ-S

Monitoring began at this location late fall 2015. The probe failed fall 2016. At this

location, the sensor was installed in the shallowest of three piezometers. Throughout the

year of monitoring, the water level varied by no more than 0.59m, reaching a minimum

(183.3m AMSL) during the start of the 2017 water year. This is consistent with water level

trends observed in neighboring wells.

Between the three nested wells, the hydraulic head gradient was typically less than 0.1m.

During dry periods (i.e. no 48-hr precipitation) the water levels in both the shallow and

deep wells were slightly higher (0.02m) than that of the middle-depth well. This indicates a

small, upward gradient from the deeper groundwater and a small downward gradient of flow

in the shallower, upper aquifer. During infiltration (i.e. in the period of time following a

storm event) the WTE decreases from the shallow to the mid-depth to the deep piezometer,

indicating a downward vertical component of flow throughout the entirety of the known

aquifer.
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DG-3

Monitoring began at this well in fall 2015 and continued until February 2017. At this

location, small spikes (<0.05m) correspond to precipitation events. These events are likely

more apparent here than in neighboring wells (e.g. PZ-S, DG-4) due to the ∼ 1m difference

between the ground and water level surfaces. The depth to water in this well is the shallowest

of all wells on the site.

On an annual scale, the water level decreased from early March through the summer,

reaching a minimum (183.3m AMSL) at approximately the beginning of water year 2017;

at this point it resumed an increasing trend. The annual WTE range in this well is 0.64m.

DG-4

During the period of study, the water table at DG-4 did not rise to an elevation that

could be measured with a water level sounder; the well’s sensor was sufficiently submerged

to collect readings, but they could not be verified nor corrected with manual measurements.

For the 10 months during which a functioning probe was installed, the water level varied

by 0.54m. From April to late June 2016 an In-Situ probe was installed in the well, as the

original probe had been sent back to the factory for repair. That original probe gave erratic

water level readings starting early February 2016.

2.3.4 Groundwater quality monitoring

A note on units

As mentioned above, the water quality sensors used in this study measure specific conduc-

tivity, an assessment of the total electrolytic activity of the solution. Figure 2.5a shows the

relationship between conductivity and Cl– concentration. This correlation was developed

using water sample data from Dietz et al. (2016) as well as samples collected during this

study (n=71). The linear regression approximation is used to convert continuous (10-min)

specific conductivity readings to Cl– in the figures seen in subsequent sections.

Figure 2.5b was plotted in order to assess the relationship between specific conductiv-
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ity and the known dissolved solids. While it is likely that additional ion species (i.e.

HCO3
– , SO4

2– , K+) were present in the samples, this relationship demonstrates that a con-

version factor of at least 0.64 exists between the conductivity and total dissolved solids

(TDS) for water at this site. As this factor varies between 0.55 and 0.75 in natural waters

(Hem 1985), any additional ionic species were likely a marginal component of the TDS. For

this relationship to have a slope of 0.75, the total ionic mass concentrations would only be

15% greater than the measured ionic concentrations.

2.3.4.1 Long-term monitoring: Chloride

The following figures document the changes in Cl– concentration at each well in the study

area. These figures were generated by converting the specific conductivity record to Cl–

according to the relationship depicted in Figure 2.5. As in the previous section, the discus-

sion of each well will follow the path of the groundwater: starting at UG-1 and proceeding

downgradient. Cl– was used to describe the transport of salinity in general as it is a con-

servative component of groundwater; it does not undergo decay or chemical reactions but

instead moves with the advective-dispersive groundwater flow.

(a) Correlation between specific conductivity
readings and Cl– measurements (n=71). Dashed
lines represent 95% confidence interval.

(b) Correlation between specific conductivity
and total known dissolved ion species in ground-
water samples.

Figure 2.12
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UG-1

A record of the Cl– concentration exists for this location between September 2014 and

February 2017. Data do not exist for summer 2015 due to dead batteries in the sensor.

Initial Cl– measurements in this upgradient location reveal a background level of approxi-

mately 1000 mg L−1. As previous investigations near the study area document typical Cl–

concentration below 100 mg L−1 (Cassanelli 2011), this initial finding suggests that de-icing

salt from upgradient sources such as sidewalks has accumulated at this location. It is also

possible that a temporary reversal of groundwater flow due to mounding below the porous

asphalt has spread salt to this location, however this is unlikely given that no water level

record at UG-1 falls below the WTE of any other well. Additionally, in a Cl– tracer test

conducted by Angel (2015) saline solution was applied to the PA; responses of Cl– were

observed in DG-1 but not in UG-1. This further verifies the northerly flow direction and

lack of connection from the PA southward to UG-1.

The increase in Cl– at the end of fall 2014 corresponds to the beginning of salting in

the study area. During the salting period (i.e. November-April) the Cl– concentration was

around 3,000 mg L−1; the sharp increase at the end of that season is attributed to a release

of salt following the thaw of frost in the overburden. When monitoring resumed in October

2015, Cl– had fallen to 1,200 mg L−1, indicating that dispersion and dilution had occurred

during the summer.

The well reached two Cl– maxima during water year 2016, which occurred during Febru-

ary and June. The first peak corresponds with de-icing activities. The persistence of high

Cl– (3,200-4,000 mg L−1) months after the end of salting could be the result of a slow release

of salt from the overlying vadose zone. The second, early-summer peak could represent a

pulse of salt from a source further upgradient. By October, the Cl– had stabilized at ap-

proximately 1,000 mg L−1. These observations support the assumptions made about the

missing data from summer 2015.
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DG-1

While the other wells were installed in thick glacial till of low hydraulic conductivity,

this well is in a very sandy location, with a strong hydraulic connection to the parking

lot, directly upgradient. Therefore, the Cl– trend in this location is characterized by sharp

spikes during the salting period. These pulses correspond to days of warm weather, when

ice thaws following a salting event. In addition to these event-specific pulses, a seasonal

trend can also be observed: a more general pulse of Cl– begins at the onset of de-icing and

reaches a maximum in March. At this point, de-icing begins to abate and more freshwater

can dilute the pulse down to zero (i.e. below detection limit) by June. This trend was

observed in both 2015 and 2016.

DG-2

At the beginning of monitoring in this well in fall 2014, the Cl– concentration was 220

mg L−1; by the end of winter 2015 the well experienced an increase, reaching a maximum of

approximately 2,000 mg L−1 mid-summer. This 4-month lag between peak de-icing and the

maximum Cl– observation suggests that the recharge zone for this well is approximately 4

months distance upgradient. Angel (2015) measured a hydraulic conductivity of 2.63×10−4

cm s−1 in this location; at this rate the recharge zone is 1.5-3.0 m upgradient from the well.

No data exist between November 2015 and March 2016 due to a probe failure. Monitoring

ceased in October 2016 for this same reason.
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PZ-S

The Cl– trend in this well has higher variability than its neighbor, DG-3. This could

be the result of the influence of multiple recharge zones, where fresh and saline water

compete to form a more jagged trend. This trend could also be evidence for epikarst, or an

overburden aquifer characterized by multiple hydraulic conductivities (Garcia-Fresca 2007).

While conduits of higher K likely are present around the subterranean infrastructure at

this site, they would have more muted influence in this location as the soil core consisted

of thick clay and glacial till. Saline inputs from nearby sidewalks are more likely to be the

explanation for these peaks in March and May.

The spikes observed in August-October 2016 should be treated with skepticism as the

probe failed to give accurate readings during this period. The downward trend from July

to November is likely a reasonable estimation of the groundwater chemistry during that

time; the specific conductivity of this water was verified by a handheld conductivity meter

to assess the sensor’s error. The sensor was replaced in November 2016.

As the Cl - trend begins to taper in August, this was assumed to be the point at which

inputs of freshwater exceeded inputs of saline water. The 5-month lag between this point

and the abatement of de-icing activities suggests that the furthest principal input of salinity

is 3.7-1.9m upgradient from the well.
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DG-3

In mid-November 2015, a few weeks after installation, monitoring began in this well. An

initial Cl– concentration of 2,300 mg L−1 indicated that the groundwater in this area was

also impacted by de-icing salt. Peak Cl– is reached in this well during early January, after

a gradual increase by 3,000 mg L−1 over 5 months. Given the hydraulic conductivity value

for the site calculated by Angel (2015) and the ten-month lag between the well’s maximum

Cl– observation and peak de-icing, the area of saline recharge is approximately 3.7-7.5 m

upgradient from this well (i.e. at the extent of sandy fill beneath anthropogenic distur-

bances). Therefore, the peaks observed in early January represent de-icing applications

from the previous winter.

DG-4

A record of the Cl– concentration at this well exists for less than one year; monitoring

began mid-November 2015 and ceased in mid-September 2016 due to probe failure. The

well reached a minimum of 600 mg L−1 during early summer. The maximum Cl– (1,600

mg L−1) was observed in November 2015. The prevalence of elevated Cl– throughout the

year suggests the influence of slower, gradual saline inputs to groundwater at this location,

such as salt slowly percolating down from the vadose zone.

Summary of Cl– transport within the study area

The area is treated with de-icing salt between the months of November and April. Until

March, the amount of saline meltwater typically exceeds the input of fresh rainwater. After

this point, rainwater becomes the predominant input and the groundwater Cl– begins to

decrease. This annual ‘pulse’ is observed first in locations closer to recharge zones (i.e. well

DG-1), and subsequently in locations further from recharge zones.

While the influence of the PA parking lot is apparent, additional, more subtle recharge

zones adjacent to curbs and sidewalks provide a slower yet consistent input of salinity. This

influence is observed in well UG-1, as high Cl– (ca. 1,000 mg L−1) is present as a background

level (i.e. stable, non-winter concentration) with no input from the PA. Evidence of this
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Figure 2.19: Box plots of all Cl– data for each well. The median and mean Cl– are
represented by solid and dashed lines, respectively. The lower and upper black circles denote
5th and 95th percentiles. Wells with different letters are significantly different according to
Tukey’s HSD test, α = 0.05. Mean separation was performed on a log-transformation of
the data. Outliers are not plotted.

input is also seen in well PZ-S, where multiple recharge zones appear as multiple peaks in

March, April and early August.

In order to further summarize the Cl– data from the site, box plots were generated

using the observations from each well (Figure 2.19). As these data did not follow a normal

distribution, a log-transformation was performed prior to ANOVA mean separation testing.

Mean Cl– is higher upgradient from the parking lot (UG-1) than it is in wells further

downgradient (DG-3, PZ-S). Therefore, despite large inputs of salinity during winter months

(as seen in the wide range of well DG-1), for most of the year fresh rainwater serves to dilute

and lower these concentrations from the high background levels seen in UG-1. It is likely

that this diluting effect would be greater if reduced de-icer application rates were used

on the porous surface; the transportation-safety feasibility of this management strategy is
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demonstrated in Roseen et al. (2012).

The long-term effect of permeable pavement on winter de-icing salt contamination of

groundwater beneath permeable asphalt in areas without high background salinity is not

known. However, in shallow urban aquifers such as the one in this study, the impact of

de-icing salt is ubiquitous. Therefore it can be concluded that permeable asphalt can help

reduce salinity in aquifers of high background salt concentration, which could have further

benefits in reducing symptoms of urban stream syndrome. In non-urban (i.e. drinking

water) aquifers, these inputs of salinity from stormwater infiltration practices may have

detrimental water quality consequences.

Figure 2.20: Box plots comparing
Cl– data from UG-1 with that of
all other wells (DG-1 to 4, PZ-S).
Means (dotted line) are significantly
different based on a Satterthwaite 2-
sample t-test (p<0.0001)

The effect of the pervious surface is further demon-

strated in Figure 2.20, where the mean upgradient

Cl– concentration is significantly higher than that

for all other wells.

2.3.4.2 Radionuclides

Water table elevations (WTE) and groundwater qual-

ity results from March 1 to March 3, 2016 are summa-

rized in Table 2.5. The temperatures of the samples

are listed in Table 2.6. Na+, Ra and Rn data were

used to generate concentration contour maps of the

site (Figures 2.21a-c). The highest Na+ concentra-

tions measured were found directly downgradient of

the parking lot (Figure 2.21a), indicating that high

levels of salt reach the groundwater at the permeable

pavement, then travel downgradient along the advective flow path shown in Figure 2.6.

Correspondingly, high concentrations of Ra were found in locations with high Na+ concen-

trations (Figures 2.21a,b). The significance of the correlation between the distributions
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Figure 2.22: Positive correlation (p<0.001) between Ra activity and Na+ concentration for
groundwater samples.

of these elements was tested using ANOVA (IBM, 2012). A significant (p<0.001) positive

linear correlation (R2 = 0.92) between Ra and Na+ concentrations was found (Figure 2.22).

Ra was expressed as a combination of its most common isotopes (226Ra and 228Ra) to be

consistent with regulatory units.

Table 2.5: Groundwater data from samples collected 1-3 March 2016 (Units of depth to water
(DTW) and water table elevation (WTE) are in m, specific conductance (SC) values are µS
cm−1, units of common ions are mg/L, and units of radionuclides are pCi/L.).

Well ID DTW WTE SC Na+ Ca2+ Mg2+ Cl– 222Rn Ratot

UG-1 3.52 186.39 6250 1424.0 372.3 55.7 3944.5 417.0 8.78
DG-1 2.91 185.21 18300 4936.0 183.8 34.9 10899.0 242.0 19.26
DG-2 2.93 185.25 719 65.3 78.4 20.5 212.1 610.0 <2.00
DG-3 0.73 183.78 3787 450.6 397.0 117.7 2422.0 907.0 1.13
DG-4 3.51 183.45 3040 402.4 65.2 11.9 1825.3 *243.0 2.03
PZ-S 1.16 183.79 5520 1302.0 289.7 64.5 3417.0 470.0 1.66
PZ-D 1.14 183.81 3400 425.9 397.5 105.6 1946.0 979.0 3.14
WB-1 2.91 185.99 390 36.8 29.3 6.0 80.0 498.0 <2.00

*Questionable result due to gas loss by aeration during sampling

The spatial distribution of Rn at this site (Figure 2.21c) is characterized by a low point in

the most saline well (DG-1) and relatively higher activities in surrounding, less saline wells.

Low concentrations of Rn were also observed in well DG-4; this was likely due to gas loss

during sampling. The Rn/salinity relationship (R2 = 0.61) was less significant (p=0.059),
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but negative (Figure 2.23), which was different from the significant positive relationship

found for Ra/Na+. Although eqn. 2.1 requires a mass concentration in the salinity term

(i.e. TDS), specific conductivity was used in this plot as TDS values were not measured, but

are linearly proportional to conductivity (Figure 2.5b). This model was used to predict the

Henry’s law constant, and subsequently the vapor-phase concentrations of Rn in equilibrium

with the aqueous Rn measured in the samples.

Figure 2.23: Negative exponential correlation (p=0.054) between aqueous Rn and conduc-
tivity (as a proxy for TDS), as described by eqn. 2.1. The Rn sample from well DG-4 was
excluded from regression analysis.

Table 2.6: Predicted gaseous Rn concentrations based on aqueous Rn
concentrations, temperature and salinity (TDS).

Location Rnaq *TDS Temp KH Rng

pCi L−1 g L−1 (◦C) (dimensionless) pCi L−1

UG-1 417 5.80 11.96 0.313 1330
DG-1 242 16.05 21.60 0.221 1100
DG-2 610 0.38 22.14 0.233 2620
DG-3 907 3.39 10.57 0.333 2730
DG-4 **243 2.30 13.38 0.304 800
PZ-S 470 5.07 10.48 0.331 1420
PZ-D 979 2.88 10.48 0.336 2930
WB-1 498 0.15 14.90 0.292 1710

KH: Ratio of liquid to gaseous concentration, values calculated from
Schubert et al. 2012, eqn. 3a.
*Sum of known ion species (Na+ Mg2+ Ca2+ and Cl– )
**Radon gas loss likely during sampling due to limited amount of
water in the well
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Cation exchange is the primary process responsible for the presence of Ra in groundwater.

The formation of RaCl+ complexes also contributes to this (Sturchio et al. 2001, Tamamura

et al. 2014). The high concentrations of Ra in some of the water samples were unexpected;

two of the wells had Ra activities above the EPA drinking water standard of 5 pCi L−1

(UG-1: 8.78 pCi L−1; DG-1: 19.26 pCi L−1) (EPA 2000). Given the rare occurrence of Ra

in groundwater (Hem 1985), the strong relationship found between Ra and Na+ at this site

indicates that groundwater contaminated with de-icing salt can release Ra from soil at levels

nearly four times the regulatory limit. While the soil concentration of Ra was not measured,

it can be assumed that the presence of detectable levels of Rn in all samples indicates a

corresponding presence of a combination of solid- and liquid-phase Ra. The spatial extent of

this Ra mobilization and the possibility of its occurrence in bedrock aquifers require further

investigation.

Intuitively, an increase in aqueous Ra should be accompanied by an increase in its daugh-

ter nuclide: Rn. As discussed in the literature review, the emanation coefficient of Rn

in rock is much lower than that in water. However given the volatility of this atom, this

correlation was not observed clearly, indicating that the abundance of Rn groundwater is

governed by a host of geochemical factors in addition to the supply of the parent nuclide.

As noted above, a weak inverse correlation was observed between specific conductiv-

ity and Rn in the groundwater (Figure 2.23). With all other factors held constant, the

abundance of Rn in the aqueous phase would be expected to decrease logarithmically as a

function of salinity, according to the Weiss equation (Eqn. 2.1). While this result some-

what demonstrates the ‘salting out’ phenomena quantified by Schubert et al. (2012), other

physical factors (e.g. proximity of the well screen to the water table surface, temperature,

permeability and moisture of unsaturated overburden soil) can have significant influence on

the observed concentrations of Rn (Ball et al. 1991). Table 2.6 summarizes calculations of

gaseous Rn concentrations that would be in equilibrium (i.e. in the vadose zone directly

above the water table) with the observed aqueous Rn concentrations. The KH values were
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adjusted for salinity according to the model developed by Schubert et al. (2012), using

groundwater temperatures measured during the collection of aqueous samples. In every

case, the equilibrium Rn gas concentration far exceeds the 4 pCi/L EPA indoor air quality

standard (EPA 1986). Additionally, wells DG-1 and DG-2 are in very close proximity to a

steam line; this common feature of urban subsurface geology doubles the groundwater tem-

perature. These higher temperatures substantially decrease the KH of Rn, further enhancing

Rn volatilization to the vadose zone. While the theoretical vapor-phase Rn concentrations

did exceed the air quality standard, substantial dispersion is expected to occur between

the piezometric and ground surfaces. Measurements of gaseous Rn at (or near) the ground

surface would be more robust descriptors of the behavior of carcinogenic (i.e. inhalable)

Rn.

Rn was found in the background water sample from well WB-1. However, Ra, its parent

isotope, was not detected. The water also had a low Na+ concentration. Given that the

KH of Ra is typically very high in non-saline conditions, the Ra source must be in the solid

phases of either the till or the underlying bedrock.

2.3.4.3 Metal cations

The concentrations of major cations (Na+ ,Ca2+ ,Mg2+) were measured by Angel (2015)

to assess their relative abundance under salting and non-salting conditions. These data

were compared with that of samples from the following year (Figure 2.24). The relative

concentration of each cation did increase from 2015 to 2016, but values were within an

order-of-magnitude. This relative consistency suggests that the salt input does not vary

greatly from year to year. Surprisingly, this slight increase was observed even though winter

2015 experienced greater snowfall than winter 2016. Assuming consistent de-icing practices,

this increase could be evidence for an annual accumulation of cations. To demonstrate that

active cation exchange is taking place, Figure 2.25 was plotted: a comparison between Na+

and Cl– . While there is a strong correlation between moles of salt-derived Na+ and Cl– ,
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Figure 2.24: Concentrations of major cations in groundwater samples for well DG-1.

the slope is less than one, indicating a deficit of Na+. The occurrence of cation exchange is

supported by relatively high levels of dissolved Ca2+ and Mg2+ at the permeable pavement

study area compared to those of the background well WB-1 (Table 2.5).

Figure 2.25: Molar comparison of Na+ and Cl– ions. Note that the slope of the linear
regression is 0.72, indicating a deficiency of Na+ relative to Cl–

Despite the water sample from well DG-1 having the highest specific conductivity, its

relative Ca2+ and Mg2+ content were not as high as other wells (Table 2.5). Spatially,

the distributions of these divalent cations are not identical to that of Na+, which further

supports the conclusion that Na+ is the primary cationic component of de-icing salt. The
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distributions of Ca2+ and Mg2+ suggest that these cations accumulate in areas of perennially

high salinity, such as UG-1, DG-3, and PZ-S. Sampling during non-salting months at the

study area could help further assess this conclusion.

2.3.4.4 Vertical variation

As described in Table 2.1, wells PZ-S and PZ-D extend to depths of 2.13 and 3.96 m below

grade, respectively. A contrast can be seen between the chemistry of the water samples

taken from these two wells. The specific conductivity of PZ-S was nearly double that of

PZ-D, which suggests that a lens of more saline water overlies older, fresh water. However,

the conductivity of PZ-D is an order of magnitude greater than background levels; this

demonstrates that any interface between a saline lens and underlying freshwater is not

sharply defined, but instead exists as a gradient.

Figure 2.26: Spatial distributions of Mg2+ (left) and Ca2+ (right) dissolved ion concentra-
tions in groundwater samples. Contour surfaces were generated using a natural neighbor
interpolation algorithm.
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In addition to the total salinity, the relative ionic composition also varies with depth.

Na+ is the dominant cation in the upper aquifer, with Na+/Ca2+ and Na+/Mg2+ ratios of

4.5 and 20.2, respectively. In PZ-D, much lower Na+/Ca2+ and Na+/Mg2+ ratios occur: 1.1

and 4.0, respectively. On a molar equivalence basis, Na+ outnumbers Ca2+ + Mg2+ by 36.9

meq L−1 in PZ-S, but in PZ-D the divalent cations outnumber Na+ by 10.0 meq L−1. This

suggests that Na+ preferentially adsorbs to the weathered till at this site.

While it is possible that the background hardness increases with depth at this location, it

is likely that there is a longer flow path between this deeper well and its respective recharge

zone. Therefore, the chemical evolution of this water is more developed, that is, more cation

exchange has occurred in PZ-D than in its shallower counterpart. Metcalf and Robbins

(2013) describe this process as a buffering of Na+ in groundwater. These possibilities could

be further assessed with a tracer test, isotopic analysis, or a long-term conductivity probe.

2.4 Conclusion

Groundwater at this study area is highly impacted by inputs of de-icing salt during winter.

Multiple peaks in long-term Cl– trends suggest that salt inputs come from multiple sources.

The persistence of Cl– at concentrations greater than 1000 mg L−1 throughout the year in

well UG-1 reinforces previous conclusions about the primary importance of sidewalks as a

source (Angel 2015; Dietz et al. 2016). In downgradient wells, de-icing salts persist in the

soil and groundwater throughout the year despite substantial dilution by rainwater during

non-winter months. Further monitoring is necessary to quantify the rate of salt accumulation

at this site, but data from nearly two years of monitoring demonstrate that yearly minimum

salinity values are increasing. This corresponds with similar trends observed in the water

of other snow-affected regions.

The anthropogenic salinity observed at this site can serve to release soil-bound Ra atoms

to the groundwater at levels exceeding federal drinking water standards. This is the first

identification of this phenomena, so the spatial extent of its occurrence must be further inves-
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tigated. Additionally, this mobilization should be assessed in bedrock aquifers to evaluate

the risk of Ra contamination in drinking water. Evidence was presented for the salting-

out of Rn from the water table, however subsequent samples should be collected during

non-winter months to assess the seasonal variability of aqueous Rn concentrations. The

Henry’s law calculations suggest that buildings adjacent to or downgradient from (a) highly

permeable locations that are deiced with salt or (b) locations with elevated subsurface tem-

perature could be periodically subjected to high Rn diffusive fluxes. The degree of increased

radionuclide exposure would depend on a number of key site-specific factors including direc-

tion of groundwater flow, location of dwellings, water temperature, depth to groundwater

and soil properties influencing gas migration. The potential public health implication of

these findings is strong justification for further study of this phenomenon.

Although our study focused on an area of permeable pavement, the results would be

equally applicable to any salted location where there is a high infiltration rate to groundwa-

ter, such as an urban riparian floodplain (Ledford et al. 2016). Therefore, de-icing activity

should be closely monitored or reduced near these areas of higher potential for groundwater

contamination.
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Appendix A

Boring logs

Soil boring logs for wells DG-3, DG-4, PZ-S, PZ-M and PZ-D are included in this appendix.
For the boring logs of wells UG-1, DG-1 and DG-2, refer to appendix A in Angel (2015).
This record uses a non-abbreviated well nomenclature; the wells are named Upgradient,
Downgradient 1, and Downgradient 2, respectively.
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Appendix B

Equilibrium vapor-phase Rn
calculations

Spreadsheet included in supplementary files.
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Appendix C

Statistical analysis

The following information pertains to the mean separation test performed on the Cl– data
from the wells at the study site, as seen in Figures 2.19 and 2.20.
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Distribution of Cl– data:
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Distribution of log(Cl–) data:
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Since the log transformation improved the normality of the data (kurtosis and skewness
coefficients closer to 3 and 0, respectively), this data set was used for the mean separation
test between all wells, and the two-sample t-test between the upgradient well and all others.
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The following tables include the pertinent output relating to the statistical analysis of the
regression lines in Figures 2.22 and 2.23. Statistical analysis was performed using SPSS
software.
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Appendix D

Chloride travel time calculations

Table D.1 Estimation of groundwater travel times between each well and its
respective Cl– recharge zone, as discussed in section 2.3.4.1. A K value of
2.63×10−4 cm s−1, measured for this site in Angel (2015) was used for these
approximations. Water level measurements taken on 3/3/2016 were used to
calculate the hydraulic gradient. Porosity values of 0.3 and 0.6 were used to
estimate the possible ranges of average groundwater velocity.

Well Peak time Distance Comments
(months) traveled (m)

UG-1 3 2.25-1.12 Second of 2 peaks
DG-1 0 0 Peak Cl– coincides with peak de-icing
DG-2 4 2.99-1.50
PZ-S 5 3.74-1.87
DG-3 10 3.74-7.49
DG-4 No clear peak observed
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